The immediate and delayed effects of embryonic exposure to low levels of polynuclear aromatic hydrocarbons (PAHs) have been shown to reduce survival to maturity by 50% in exposed pink salmon populations. This suggests that chronically exposed populations could be extirpated over relatively few generations, but the effect of density dependence on extirpation rate is unknown. This study examines the interaction of PAH effects and randomly varying density dependence on a simulated population. The simulation derives from 70 years of observations made on a single pink salmon population and toxicity studies involving a hatchery population in the same watershed. Results from simulations involving exposure of 100% of the population to effects consistent with an aqueous PAH concentration of 18 nL/L indicate an 80% decrease in population productivity and an 11% probability of extinction after 35 generations. In contrast, population growth rate declined by only 5%. Further decreases in survival relative to that of observed PAH effects rapidly increase the probability of extinction. Data from these simulations demonstrate that, at low levels of exposure, density dependence can compensate for reduced population size and buffer the population against extinction. However, if equilibrium size is depressed sufficiently, random environmental variation overcomes the buffering effect of density dependence and extinction probability increases. These data demonstrate that extinction probability and population size are more sensitive measures of population effects than growth rate for wild populations regulated by density dependence.
INTRODUCTION
Embryonic exposure to polynuclear aromatic hydrocarbons (PAHs) causes a variety of effects on individuals, but the cumulative impact of those effects on chronically exposed populations is not known. Numerous laboratory studies have highlighted the toxicity of nL/L exposures to developing fish embryos, suggesting the potential for decreases in population size (Marty et al. 1997; Carls et al. 1999; Heintz et al. 1999; White et al. 1999; Coulliard 2002; Colavecchia et al. 2004) . Furthermore, the survivors of these exposures can display sublethal effects that ultimately interact with other environmental stressors, further reducing the survival of the exposed population (Heintz et al. 2000) . Also, high molecular weight PAHs have been shown to reduce the reproductive output of exposed fish (White et al. 1999) . These effects on survivorship and fecundity suggest chronic exposure should produce effects on population size and growth, but environmental variation likely inhibits their detection (Pella and Myren 1974) . These observations are troubling because our dependence on fossil fuels means PAHs unavoidably are released into aquatic habitats. In particular, estuaries, the primary natal habitat for many marine species, are sinks for these compounds (Kennish 2002) . Consequently, it is important to understand how chronic contamination of natal habitats with low levels of PAHs influences the productivity, growth, and stability of aquatic populations.
Documenting population effects following exposure to PAHs at levels known to injure individuals has proven difficult. Documented effects of contaminants on aquatic populations include reduced size (Geiger et al. 1996) , altered age structure (Baumann et al. 1990) , and extinction (Cook et al. 2003) , but these are associated with catastrophic exposures. Demonstration of effects of chronic exposure to low levels of contaminants on natural populations is obscured by random variation in population size and a limited availability of demographic data (Landahl and Johnson 1993) , yet these are precisely the sort of exposures typically encountered. Several attempts to understand how contaminants influence the dynamics of invertebrate populations have been reviewed by Forbes et al. (2001) . These studies involved populations maintained in laboratories and their results indicate that the severity of contaminant effects on population growth rate depend on the types of individual effects and the compensatory ability of density dependence. Grant (1998) has argued that density-dependence buffers chronically exposed populations from extinction so that growth rates remain constant, but the equilibrium population size declines.
Model systems involving vertebrates generally are limited to combining published life history values with toxicity endpoints because of the expense and complexity involved in controlling the interactions between populations and their natural environments. To this end, Miller and Ankley (2004) combined the results of toxicity tests with published life history data for fathead minnows (Pimphales promelas) to demonstrate reduced equilibrium population size resulting from endocrine disruption. Similarly, Spromberg and Meador (2005) described a series of life table response experiments using theorized toxicity endpoints and published life history data collected from Chinook salmon (Oncorhynchus tshawytscha). Their theorized endpoints relied on the assumption that previously reported sublethal effects ultimately translate to reductions in survival. These effects have been demonstrated by Heintz et al. (2000) , who reported delayed mortality among pink salmon (O. gorbuscha) that survived embryonic exposure to PAHs.
Pink salmon offer a particularly good vertebrate model for evaluating PAH impacts on aquatic populations. Pink salmon have a simple life history, easily are cultured, demonstrate a high degree of homing fidelity, and have well-described demographics. More importantly, the immediate and delayed effects following embryonic exposure have been quantified. Heintz et al. (1999) reported that aqueous concentrations as low as 1.0 nL/L significantly can reduce survival during incubation. In addition, survivors of exposures of 5.4 nL/L demonstrated significantly lower marine survival than unexposed controls (Heintz et al. 2000) . Survivors of exposure had reduced growth rates, which were implicated as the cause for the observed reductions in survival. Survival reductions in each of the pink salmon life history stages combine to reduce the number of mature adults by about 50% in populations experiencing 15 nL/L exposures (Heintz et al. 2000) . Although survival estimates during incubation derive from cultured populations, the estimates describing delayed effects were made from cohorts released into the wild and recovered at maturity. Consequently, these estimates account for interactions between sublethal physiological impacts and the natural environment. Combining these data with demographic data provides a unique opportunity to examine population effects of PAH contamination in natal habitats.
The goal of this paper is to understand how chronic contamination of natal habitats with low levels of PAHs influences the equilibrium size, intrinsic growth rate, and stability of pink salmon populations. Equilibrium size is measured as the median number of returning adults, intrinsic growth as the median number of returns per spawner, and stability as the probability of extinction over 35 generations. These parameters are derived from simulating pink salmon population dynamics, using data collected from a population that has been monitored almost continuously since 1934. This population resides in the same watershed as the hatchery where the pink salmon toxicity studies took place. The simulation incorporates density-dependent functions for survival and random variation. In particular, the effect of increasing the extent of contamination in natal habitats is examined along with the impacts of decreasing survival.
METHODS AND RESULTS
Understanding the effects of chronic exposure to PAH on pink salmon requires development of a model pink salmon population and then manipulation of the model to identify the effects of exposure. Therefore there are 2 main sections to this report. The 1st section motivates the model, describes how it was parameterized, and then outlines a series of tests performed to evaluate the model's reliability. The 2nd section extends the basic model by incorporating the effects of PAH exposure. Afterwards, the extended model is manipulated by introducing different exposure scenarios. These scenarios include the effects of increasing the proportion of the population exposed to the PAHs and reducing survival for individuals exposed to PAHs.
Basic model
Pink salmon are semelparous with an obligate 2-y life history. Eggs deposited in the gravel in fall incubate for approximately 7 months when fully formed fry emerge and immediately emigrate seaward. Many pink salmon streams harbor 2 distinct nonoverlapping populations, one that reproduces in odd-numbered years and the other that reproduces in even-numbered years. In a given stock, these 2 populations are genetically and behaviorally distinct and are referred to as the odd-year and even-year lines, respectively. Let y tþ2 equal the number of adults returning to a given stream. This number depends on the previous number of spawners (y t ) by
where the random variable s t represents the number of returns per spawner. The random variable s t incorporates the fecundity and survival of the progeny produced by y t . Therefore, s t can be expressed as the product of fecundity per spawner and subsequent survival of the offspring as they transit all the developmental stages. Thus,
where f t is the individual fecundity from brood t, sfw t is the subsequent freshwater survival, and ssw t is saltwater survival for brood t. It is important to note that f t represents the entire fecundity of an individual, and sfw t accounts for the survival of only those offspring that were deposited successfully into the gravel. Consequently, f t must be adjusted by p t , the proportion of eggs successfully deposited into the gravel making Equation 1,
Parameterization of the model requires estimates of these values and the respective oil effects. Parameterization of basic model-Simulation of a pink salmon run requires estimates of the random variables f t , p t , sfw t , and ssw t in order to derive an estimate y tþ2 from an arbitrarily selected value of y t (Eqn. 3). The Sashin Creek weir, located in southeastern Alaska, has been in operation almost continuously for nearly 70 y, providing counts of spawners from odd-and even-year lines for a period spanning 35 generations (Bradshaw and Heintz 2005) . In addition, the number of emigrating fry has been monitored for a continuous 40-y period. For a 20-y subset of this period, the number of eggs deposited in the gravel also was monitored. These data provide opportunities for parameterizing density-dependent functions relating the fecundity of females to the number of eggs deposited in the stream, the survival during incubation of those eggs, and the marine survival of the resulting fry.
Estimates of the product (y t 3 p t 3 f t ) from Equation 3 reflect the total number of eggs delivered to the stream by returning females that actually are deposited in the streambed. The number of eggs delivered to the stream is a product of random variables describing fecundity and the proportion of females in the run. The number deposited is a density-dependent function of the number delivered (McNeil 1964) . To estimate the total number of eggs delivered to the stream by returning females, it is necessary to know the proportion of y t that is actually female and the average fecundities of individual females. Between 1940 and 1980, an average 49.2% of the returns were female, with a standard deviation of 4.7%. The average fecundity of females during this period was 1,915 6 174 eggs. The total number of eggs delivered to the stream in year t (PEDt), therefore, can be estimated as the product of 0.492 6 0.047 and 1,915 6 174.
To estimate the number of eggs actually deposited in the streambed, it is necessary to parameterize a density-dependent relationship between PED and the total number of eggs actually deposited in the gravel ( (Bradford 1995) to describe the relationship between the log (base 10) of AED t and PED t /10 6 . The curve was fit by least-squares nonlinear regression using the MarquardtLevenberg algorithm as implemented in SigmaPlott version 8.0. The resulting relationship based on 12 observations predicts the number of eggs deposited in the gravel in year t (AEDt) from the following: 
where e t1 is drawn randomly from the distribution of residuals, ;N (0.0, 0.186).
Values of AEDt from Equation 4
were combined with the number of fry observed for the 1953 to 1979 brood years to derive a model from which sfwt could be estimated. Estimates of PEDt for these years were derived from the product of the reported number of returning females and their average fecundity. The resulting estimates of AEDt were combined with the log of the reported number of emigrating fry (FRY t ) and fit to a 3-parameter lognormal curve (Bradford 1995) 
where e t2 is a residual randomly selected from the distribution of residuals, ;N (0.01, 0.56), resulting from the model fitting. Estimates of sfwt subsequently are calculated from
A similar approach was employed to derive estimates of sswt. The reported numbers of fry and the log of adult returns were fit to a 3-parameter lognormal curve (Bradford 1995 
where e t3 was drawn randomly from the distribution of residuals, ;N (0.0, 0.386). Consequently, sswt is found from
Note that
The lognormal model used here was chosen over those typically used (Quinn and Deriso 1999) because there were no a prioi expectations for the shape of the relations other than that they should be density dependent (Bradford 1995) . In addition, the chosen model ultimately produced lower prediction errors than typically used models, such as using the mean or Beverton-Holt, Ricker, or Schnute-Deriso functions. In all cases, curve fitting conformed to the requirements of normality and homoscedasticity. Predictors in the models always described more than 50% of the error in response variables (p , 0.001) and adjusted correlations were .0.8 for the first 2 models and .0.5 for the model relating fry emigration and adult returns. Nomenclature-A nomenclature is required to simplify description of the procedures employed in both model validation and analysis of exposure effects. Seeding the model with a value of y t and working through the functions to estimate y tþ2 is called a calculation. Iterating the calculation recursively 35 times is called a simulation, because it simulates the Sashin Creek pink salmon population over 35 generations. The resulting median number of returns represents the equilibrium population size predicted by the simulation. Likewise, the median number of returns per spawner is the population growth rate predicted by the simulation. This estimate of population growth rate is equivalent to the Malthusian estimator described by Quinn and Deriso (1999) . A set of n simulations is referred to as an experiment because it provides a distribution of n equilibrium size and growth rate predictions. The medians of these 2 distributions are used as the estimated equilibrium population size and intrinsic growth rate under the conditions specified for the experiment. Extinction events occur when the number of returning males or females falls below 1 in a given simulation. The extinction rate is the proportion of simulations with extinctions events occurring in an experiment. Parameters derived from experiments in which none of the population suffers PAH effects described an unexposed population.
Evaluation of the basic model's reliability-The model's reliability was verified by examining how well it predicted the returns to Sashin Creek in a given year through a series of 4 tests. First, for each of the years that were not used to parameterize the model (i.e., brood year , 1953 and brood year . 1979), the observed number spawners were used to initiate the model and calculate a predicted number of returns. The calculation was repeated 1,000 times to produce a distribution of predicted returns. The location of the observed number of returns within the distribution of predictions was inspected graphically. Second, a runs test of the differences between the observed number of returns and median of the predictions was used to determine if the number of spawners biased predicted values. The 3rd test determined if the model predictions were better than simply using the observed median to predict returns. The difference between the median of the predictions and observed returns were squared for each year and then summed across years. This summed error was compared to the sum of the squared differences between the observed returns and their overall median. Finally, a Kruskal-Wallis test was used to compare the median of the observed returns with the median of the predicted medians.
To examine the reliability of a simulation, the equilibrium population size from an experiment was compared to the median of the observed returns using the Kruskal-Wallis test. In this experiment, y t was set equal to 6,100, the number of salmon that returned in 1935, and then the simulation was repeated 500 times. Each of these procedures also was applied to estimates of growth rate. The even-year run was not tested because it was purposely extirpated in the mid-1950s and restored by transplanting fish from another stream in 1964.
Comparison of basic model predictions with observed data-In general, the simulated population produced estimated returns that were within the range described by the observed numbers of returns. Two of the 30 unused observations have returns that fall outside of the central 95% of their associated predictions and all of the observed data fall within the central 96% of the predictions (Figure 1 ). Eighteen (60%) of the 30 unused observations are less than their associated median predictions and 40% are greater. Half of the unused observations fall within the central 50% of their associated predictions ( Figure 1) . Thus, the predicted medians are reasonable approximations of the unknown medians. A runs test (p ¼ 0.920) indicated an absence of bias in the residuals with observed values randomly falling above or below the median, regardless of the number of spawners. No statistical difference was found between the observed returns and their predicted medians (p ¼ 0.747). The overall median return reported for the unused observations is 8,715 compared with 10,586, the median of predicted medians. The sum of squared differences between the observed returns and their predicted medians was 19% lower than the sum of squared differences between the observed returns and their overall median.
Similar responses were observed in the estimated growth rate as measured by the numbers of returns per-spawner ( Figure 2 ). As with the predicted returns, all of the observed returns per spawner fell within the central 96% of the predicted values. A runs test indicated that there was no bias in the prediction values relative to spawner numbers (p ¼ 0.582), and the observed median number of returns per spawner (0.64) did not differ from the median of the predicted medians (1.34 [p ¼ 0.218]). In addition, the sum of squared differences between the observed returns per spawner and their predicted medians was 15% lower than the sum of squared differences between the observed values and their overall median.
Comparison of predicted population parameters with observed parameters-Comparison of the median number of returns and returns per spawner between the odd-year line and the model predictions indicated that the model accurately described both the size and growth of the Sashin Creek pink salmon population. The median number of returns represents the equilibrium population size. Between 1933 and 1999, the median number of returns in the odd-year line was 16,380 pink salmon. The model accurately predicted this size with a median of 12,351 (p ¼ 0.127). Similarly, measures of the median number of returns per spawner provided an accurate estimate of the intrinsic growth rate of the population. The odd-year line of pink salmon in Sashin Creek has a median growth rate of 1.04, which is equivalent (p ¼ 0.564) to 1.06, the value predicted by the model. It should be noted that half of the values used for these comparisons were included among those used to parameterize the model. Sensitivity of the basic model to variation in survival functions-The basic model was manipulated to examine the sensitivity of an unexposed population to variation in each of the three density-dependent functions. In the initial experiment, the value of p t was fixed at a constant value and the remaining functions were allowed to vary in each of 200 simulations. Six total experiments were run in this manner, each with p t fixed at a value ranging between 0.2 and 0.9. At the end of each experiment, the equilibrium population size, population growth rate, and probability of extinction were recorded. A similar procedure was performed by fixing sfw t and ssw t . Fixed values for sfw t and ssw t were chosen so that the observed value for an unexposed population fell in the middle of the range.
Unexposed populations were relatively insensitive to changes in p t and sfw t . Varying p t had relatively little effect on estimates of equilibrium population size, growth or probability, or extinction ( Figure 3 ). As p t increased from 0.2 to 0.9, the equilibrium population size increased from 8,824 to 21,567 and the size of an unexposed population that was allowed to vary over all functions was 12,351. Growth varied from 1.04 to 1.08 over the same range of values, compared with 1.06 in the population in which all functions varied. Probability of extinction remained at 0 over all values of p t , indicating no effect. The basic model was slightly more sensitive to changes in sfw t . The median sfw t in an unexposed population was 18.5%. Fixing sfw t at 40% increased equilibrium population size to 20,858. Reducing sfw t to 10% reduced the population size to 6,287. Population growth only fell below 1.0 when sfw t was reduced to 5%, where extinction probability reached a maximum value of 75%.
In contrast, parameters for unexposed populations were very sensitive to variation in ssw t . The median ssw t in the population in which all functions were allowed to vary was 1.87%. Fixing ssw t at 4% increased the equilibrium population size more than sixfold to nearly 80,000 (Figure 4) , though reducing ssw t to 1% decreased the population size to about 2,000. Growth rate was less sensitive, maintaining relatively constant levels until ssw t fell below 2%. At that point, growth became highly sensitive to further reductions in survival. This translated to an increase in the probability of extinction when marine survival decreased to less than 2.0%.
Incorporation of PAH effects into basic model
Incubation in PAH-contaminated habitats results in a variety of effects, which ultimately prove lethal to pink salmon. Exposure incurred during incubation can manifest decreased survival during incubation (Marty et al. 1997 , Heintz et al. 1999 , Carls et al. 2005 ) and sublethal effects that lead to decreased survival in the marine phase (Heintz et al. 2000) . In each of the studies referenced above, exposure took place during incubation in gravel contaminated with Alaska North Slope crude oil. This design simulated the experience of pink salmon eggs developing in streambeds contaminated with oil following the Exxon Valdez oil spill. Examination of the hydrocarbons on the gravel, in water and tissue, by gas chromatography/mass spectrometry revealed that injuries resulted from exposure to 3-and 4-ring PAHs dissolved in water (Heintz et al. 1999) . The absence of phytane in tissue or water samples verified that exposures resulted from dissolved species rather than particulates (Marty et al. 1997) .
In an exposed population, the number of returns will be y 0 tþ2 ¼ y t ðp t 3 f t 3 efw t 3 sfw t 3 esw t 3 ssw t Þ ð10Þ
In this expression, p t , f t , sfw t , and ssw t represent the same processes experienced by individuals in the population if they were not exposed to PAHs. The terms efw t and esw t represent the PAH-related decreases in survival in the freshwater and saltwater phases, respectively. Pink salmon returning to a given stream can include a mix of intertidal and freshwater spawners. If some of the returning adults select spawning locations upstream from the PAH source, then exposure will be limited to a portion of the population (o t ). The total number of returns (Y tþ2 ) will be equal to the sum of the returns from the unexposed and exposed portions of the population
Combining Equations 3, 10, and 11 yields
Recall from Equation 2 that s t is a product of fecundity, the proportion deposited in the gravel, survival during incubation and marine migration. Parameterization of PAH effects-Oil effects on survival during incubation and marine migration are expressed as proportional decreases to the predicted survival in the absence of exposure. Expression of effects relative to controls removes the assumption that oil effects are independent of other effects on survival because it reflects additional mortality imposed by oil. Thus, for o t y t , the number of eggs exposed to PAHs, sfw t , and ssw t are decremented by the random variables efw and esw, respectively (Eqn. 10). The decrement due to efw is 0.847 6 0.078, which is the average (61 standard deviation) reduction in survival relative to controls in the reports described in Table 1 . Similarly, the decrement due to esw is 0.637 6 0.191 (Table 1) . The reported studies were carried out in a hatchery located in the Sashin Creek drainage using pink salmon broodstock collected from a nearby stream. During those studies, salmon were incubated in oil-contaminated gravel. Freshwater survival was estimated as the number of eggs surviving incubation. Survivors were marked and released using standard hatchery methods. Saltwater survival was estimated as the proportion of marked fish that were captured when adults returned to spawn. See references in Table 1 for details.
Experiments to examine effects of PAH exposure rateExperiments designed to examine the effects of increasing the proportion of the population exposed to the PAH effect followed the same basic procedure as that of the unexposed population. Initially, y t was set to 6,100, o t was set to 10%, 500 simulations were generated, and the results tabulated. Thus, the 1st experiment examined the effects of chronically Experiments were repeated 9 more times, incrementing o t by 10% each time. The equilibrium population size and growth rates resulting from each experiment were compared with the medians obtained for the unexposed experiment by the Kruskal-Wallis test of medians. The 1st comparison involved the experiment in which o t was set to 10%, comparisons continued until a significant difference in medians was detected. The effect of increasing the proportion of the population exposed to the PAH effect on the probability of extinction was examined graphically. Increasing the percentage of the population exposed to the PAH effect resulted in a linear decline in equilibrium population size ( Figure 5A ). The unexposed model populations produced a median size of 12,136 pink salmon. The equilibrium size decreased by 5% when 10% of the population was exposed (p ¼ 0.003) and reached a 50% reduction when 70% of the population was exposed. When 100% of the population was exposed to the PAH effect, the size dropped by 80% to 2,373.
Initially, median growth rate was unaffected by exposure, but once the exposure rate exceeded 60%, it began declining ( Figure 5B ). The unexposed population had a median growth equal to 1.06 returns per spawner. As noted above, this value is consistent with the observed value for the Sashin Creek odd-year run. In addition, it is within the range of estimates presented by Halupka et al. (1995) when pink salmon populations have been monitored for at least 5 y. Growth remained at this level until 60% of the population was exposed (p ¼ 0.036). After this point, growth began decreasing linearly with increasing exposure. When 100% of the population was exposed, growth declined to 0.99, indicating the population was no longer self-sustaining.
Similar to growth, the probability of extinction demonstrated a nonlinear relationship with increasing exposure. The population was stable, with extinction probabilities equal to 0.0 until 70% of the population was exposed. At this point the probability of extinction over the course of 35 generations was 1% ( Figure 5C ). Extinction probability then began doubling with each 10% increase in exposure, resulting in an 11% probability of extinction within 35 generations when 100% of the incubating population was exposed.
Experiments to examine the effects of relative survival-The effect of decreased survival due to PAH effects was examined through a series of experiments similar to those described previously. The studies described in Table 1 were designed to determine the lowest effective levels of PAH exposure on pink salmon embryos. However, it is feasible that exposure to other chemicals, higher levels of PAHs, or synergisms could exacerbate the observed effects and further decrease survival beyond the levels identified in the toxicity studies. A set of 11 experiments, each incorporating different values for o t , was repeated for 8 levels of survival relative to those described in Table 1 . The mean and standard deviations of efw and esw were decreased in units of approximately 5% for each experiment until efw and esw were reduced by approximately 25% ( Table 2 ). The next 2 experiments involved reductions of approximately 60% and 70% (Table 2 ). For the purposes of discussion, relative survival for a given experiment is the proportional reduction in efw and sfw relative to the average values observed when eggs were exposed to aqueous total (Table 1) . Thus, a relative survival of 30% indicates that the values of efw and sfw were set to 30% of the values observed in toxicity assays ( Table 2) . The equilibrium population size for each combination of o t and relative survival was plotted to examine the interaction between relative survival and exposure rate. Similar plots were developed for the population growth rate and probability of extinction. Small decreases in relative survival placed severe limits on the buffering capacity offered by density dependence when 100% of the population is exposed. Decreasing survival due to exposure produced a nonlinear decrease in equilibrium population size ( Figure 6A ). Initially, decreased population size was linearly related to relative survival for small increments until efw and esw are each reduced by 16%. At this point the rate at which population size declined was greatly reduced, but the population size was reduced to less than 3% of the unexposed size. A similar pattern was observed in population growth. Initially, there is a rapid linear decline in growth as efw and esw decrease, but once they were reduced by 37%, the rate at which growth rate declined decreased ( Figure 6B ). However, at this point, the population was no longer stable. Growth was less than one-half, indicating that the population was declining by 50% with every generation. Consequently, the probability of extinction increased to 99.8% ( Figure 6C ).
Trade-offs between growth and extinction probability at different levels of population size demonstrated the buffering capacity offered by density dependence (Figure 7) . Extinction probabilities only became detectable when population size fell to about half its initial level. At that point, growth still exceeded one return per spawner. Thus, so long as the population size was more than half the unexposed level, increased mortality resulting from toxic effects was compensated by density-dependent responses, which maintained growth. However, if the population size fell below 50% of the unexposed level, then stability decreased as was demonstrated by a rapid increase in the probability of extinction. Note that the population experienced a small extinction risk (,5%) before growth fell below 1.0. This indicates that, once population size fell to levels near 3,500, chance began to influence population stability. Beyond this point, the toxic effects eroded growth to the degree that the population was not longer self-sustaining and extinction probabilities increased rapidly.
Interaction between exposure rates and relative survivalExamination of the interaction between the PAH effect on survival and exposure rate demonstrated the capacity of the population to accommodate increased exposure and decreased survival (Figure 8 ). Decreases in survival associated with PAH exposure or increased exposure rate resulted in a linear reduction in population size until the exposure rate exceeded 50%. At this point the population began to fall below 50% of the initial size and PAH effects began interacting with exposure rate in a more than additive fashion. For example, when 50% of the population was exposed, population size decreased by about 40% as relative survival declined from 1.0 to 0.625. In contrast, the same decrease in relative survival resulted in a 55% decrease in population size when an additional 10% of the population was exposed. At the most extreme levels of exposure and Figure 6 . Equilibrium population size, population growth, and probability of extinction when 100% of the pink salmon embryos are exposed to the decreasing survival relative to the observed PAH effect. A relative survival of 0.90 indicates efw and sfw were set to 90% of the value observed in toxicity assays where pink salmon eggs were exposed to an aqueous PAH concentration near 18 nL/L. Symbols as in Figure 5 . relative survival, this interaction resulted in population sizes that were less than 1.0% of the unexposed size.
Population growth was more resistant to the interaction between exposure rate and relative survival than population size. Only the greatest degree of contamination or the lowest relative survivals decreased growth to less than 1 return per spawner (Figure 8 ). When less than 50% of the population was exposed, growth was maintained at levels greater than 1.0 regardless of the relative survival. However, once exposure rates exceeded 60%, they began interacting with relative survival to drive growth to levels below 1.0 return per spawner at exponential rates.
The persistence of growth rates greater than 1.0 when exposure rates were less than 50% means that there was little risk of extinction at most levels of relative survival, despite reduced population size (Figure 8 ). Population stability was maintained when 50% or fewer of the population was exposed to PAHs and relative survival was 77%. At this point the probability of extinction was still less than 1%, growth was 1.03, and the equilibrium population size was 5,600, approximately one-half the unexposed size. Increasing either the extent of exposure at this relative survival, or the relative survival at this extent resulted in increased probabilities of extinction. Thus, this was the last point at which stability of the population reasonably could be guaranteed. The lowest point at which extinction was guaranteed was when exposure rate was 90% and relative survival was 31%. However, the population had more than a 50% probability of extinction when exposure rates were 100% and relative survival was 83%.
Effect of removing efw and esw-Values of efw and esw (Eqn. 10) were manipulated to determine how injury at different life stages affects equilibrium population size, population growth, and stability. The 1st experiment involved setting sfw to 0 and examining population parameters after 200 simulations when 100% of the population was exposed to the PAH effect with a relative survival of 1.0. Experiments were repeated for relative survivals of 0.9, 0.87, 0.83, 0.62, and 0.31. A similar set of experiments were conducted in which efw was set equal to 0 and sfw was allowed to vary. The resulting values of equilibrium population size, growth, and stability were plotted against relative survival.
PAH-induced reductions in marine survival had a greater impact on population parameters than reductions in fresh- Figure 8 . Predicted equilibrium population size, growth rate, and probability of extinction resulting from the interaction between exposure rate and relative survival. Relative survival is expressed as in Figure 6 . Note x-and y-axes of the probability of extinction plot are scaled differently from the other 2 plots.
water survival. Recall that exposing 100% of the population to the PAH effect with a relative survival equal to 1.0 reduced equilibrium population to 2,373 and growth to 0.99 and increased the probability of extinction to 11% ( Figure 5 ). Removing ssw from the model resulted in reducing equilibrium population size to 6,953 and had no effect on growth or stability (Figure 9) . Thus, the only substantial impact on the population resulting from PAH-induced reductions on freshwater survival was reduced population size. In contrast, removal of efw produced population parameters that more closely resembled those of a population experiencing a combination of freshwater and marine impacts. Removal of efw produced an equilibrium population size of 4,033, a slight reduction of growth, and probability of extinction equal to 3% (Figure 9) .
Examination of population parameter responses in these experiments to decreasing values for relative survival indicated a nonadditive interaction between efw and sfw. Effects in the freshwater phase reduced equilibrium size (Figure 9 ) relative to an unexposed population, but stability was maintained over a relatively large range of relative survivals. This stability likely resulted from the compensation afforded by density dependence in the marine phase as indicated by the positive relationship between marine and relative survival (data not shown). In contrast, populations that only experience PAH effects in marine phase have reduced stability. For these populations, equilibrium population size is lower, because there is no density compensation to the PAH effect on the number of returning adults. Thus equilibrium population size is lower and stability is decreased, but higher than that of populations experiencing a combination of effects. Apparently, some compensation is afforded by the density dependence of egg deposition rates and freshwater survival, which serves to increase the number of fry entering saltwater in populations that only experience marine effects. This compensation is further reduced in populations that experienced combined effects. Thus, combining efw and sfw further reduces equilibrium population size and amplifies the probability of extinction well above that of the other test populations.
DISCUSSION
The equilibrium size of the simulated pink salmon population diminished as their natal habitat become increasingly contaminated with PAHs, leading to increased vulnerability to extinction. This process resulted in an 80% decrease in median return number when 100% of the population was exposed and a growth rate just below that was required for replacement. Consequently, the primary effect of embryonic exposure to PAHs is to diminish the equilibrium population size. Population growth rate is much less affected, which indicates that, when equilibrium population size is sufficiently large, density dependence compensates for the PAH toxicity. This suggests that exposed populations can recover if the contamination is removed, as was demonstrated by pink salmon populations in Prince William Sound following the Exxon Valdez oil spill (Exxon Valdez Oil Spill Trustee Council 2002) . However, these data further demonstrate that, if the equilibrium population is eroded to a small enough number, density-independent processes will overwhelm the compensatory effects afforded by density dependence.
The absence of extinctions in the experiments involving unexposed populations demonstrates the protection offered by density dependence. This protection could be observed up to the point where 50% of the population was exposed to an environment with a relative survival of 0.77. Beyond this point, the random errors in the survival functions combine with the small population sizes to produce survivals equal to 0. Analysis of the relative contributions of different life stages to these results further support the idea that density dependence can compensate for toxic effects in early life stages. Had the toxic effects of embryonic exposure been limited to the freshwater phase, then stability would have been maintained under most conditions. Consequently it is the delayed effects resulting from embryonic PAH exposure that make the effects of PAH so pernicious.
The error terms associated with the density-dependent functions comprise measurement and random errors, the latter resulting from density-independent effects on survival. The contribution of measurement error to this variation is likely quite small. Anadromous pink salmon are relatively Figure 9 . Population parameters at different levels of relative survival after removing PAH effect from freshwater (efw, see Eqn. 10) and marine survival (esw, see Eqn. 10). All data reflect experiments in which 100% of the population was exposed to effects; combined effect refers to results when survival is decremented in both the freshwater and marine phase. Lines labeled Marine effect only depict effects when only the marine survival is decremented to reflect PAH exposure. Relative survival is as in Figure 6 . easy to intercept and count, and strict sampling protocols can be applied to egg deposition surveys. Thus, variation around parameter estimates are likely to be within the same order of magnitude as the point estimates. In contrast, the densityindependent effects are known to be quite large. Observed returns to Sashin Creek vary over 4 orders of magnitude, and this variation is typical of most southeastern Alaska pink salmon populations (Halupka et al. 1995) . Despite this wide variability, productivity is maintained in these systems through density-dependent processes (Bradford 1995) . However, the data provided in the simulations indicates that, if the equilibrium sizes of these populations were to decline sufficiently, they would be at risk of extinction.
It is important to note that the objective of this effort was to simulate a given pink salmon population while minimizing the residual error. Consequently, the curve fitting procedures used were those found to result in the least amount of residual error, in contrast to more typically used curves. In addition, the error terms incorporating density independence are derived from functions with predictor variables whose errors were unknown, which might have introduced bias (Quinn and Deriso 1999) in the parameter estimates. However, comparison of the resulting error structure with observed data demonstrates that the simulation adequately represents the error structure of the observed data set. For example, the observed coefficient of variation for returns per spawner for the odd-year line is 154%, and the median coefficient of variation from the simulation of the unexposed population is 148%. Combining this simulation with toxicological observations made on fish rearing in the same watershed has provided a powerful model that can be used to examine toxic impacts on a population.
The conclusions drawn here regarding the compensatory effects of density dependence are the same as those reached by others examining toxic effects on exposed populations. The compensatory effects of density dependence in a Chinook salmon population reduced contaminant-related effects on equilibrium population size in a series of life table response experiments (Spromberg and Meador 2005) . Linke-Gamenick et al. (1999) described a laboratory study designed to evaluate the relationship between density and flouranthene exposure in capitellid worms. They reported that the negative relationship between population growth rate and PAH concentration could be alleviated by increasing population density. Similarly, Grant (1998) found that density dependence compensated for toxicity in a life table response study involving a copepod exposed to dieldrin. Snell and Serra (2000) developed a density-dependent model for rotifers and found that the population was not sustainable if growth rate was reduced by more than 5%, similar to the 5% decrease in fitness reported here at the 100% exposure rate. In both Snell and Serra (2000) and this study extinction risks were between 10% and 15%. However, extinction risk increased significantly once Snell and Serra (2000) added density-independent effects.
The relative insensitivity of growth rate to the effects tested here suggests growth may be an inappropriate endpoint to toxicity assays designed to examine exposure risk to populations. Linke-Gamenick et al. (1999) note that population growth rate is a convenient endpoint that integrates the potential antagonism between density dependence and toxicity. They argue that it is a valuable metric for understanding how toxicity influences populations, as demonstrated by various workers (e.g., Grant 1998; Spromberg and Meador 2005) . To this end, Nö el et al. (2006) developed an assay method that measures the sensitivity of growth to the interaction between density and toxicity. However, Forbes et al. (2001) note that low-level exposures may not be detectable in populations whose growth rates are depressed by density dependence and hence stability may be underestimated. This point of view is echoed by Grant (1998) , who pointed out that growth rate is not a helpful indicator of behavior in populations regulated by density dependence. This was the case described here, once the population growth rates had been reduced by 20%, equilibrium population size already had decreased by 90%, and extinction probability had climbed to more than 30%. Thus other population characteristics likely are more sensitive to contaminant effects. For example, Spromberg and Meador (2005) found Chinook salmon age structure and equilibrium population size to be more sensitive to toxic effects than population growth rate. Similarly, Snell and Serra (2000) found a 20% reduction in growth rate resulted in a 60% probability of extinction in rotifers. Therefore, a strict focus on growth rate is likely to underestimate the risks posed by contaminants on wild populations.
The need to incorporate characteristics other than growth in evaluating contaminant risk is problematic. Laboratory studies designed to evaluate population effects often rely on density as an independent variable, and laboratory-based life table response experiments can only project effects in a constant environment (Forbes et al. 2001 ). For example, Heintz et al. (2000) observed an effect of PAH exposure on individual growth rate in pink salmon, but reduced growth did not affect fecundity among returning adults because slower growing individuals did not return. Under constant conditions in the absence of predators, individual effects on growth likely would have reduced average fecundity in exposed populations. Efforts to combine individual effects with detailed demographic data for wild populations, such as presented by Spromberg and Meador (2005) and Snell and Serra (2000) , can provide for more complete assessments. However, obtaining the sort of demographic data required for these analyses is likely to be difficult as is data describing the appropriate individual effects (Schaaf et al. 1993) . Moreover, allowances for natural variation will further restrict the number of populations that can be assessed. Consequently, there still needs to be reconciliation between individual and population effects in a way that has meaningful application to wild populations.
The converse issue of detecting effects in existing populations is also problematic. Our ability to detect changes in the equilibrium size and growth rate of wild populations is constrained by the amount of baseline data we have prior to impacts (Pella and Myren 1974) . This means that detection of small decreases in equilibrium population size is unlikely in most cases. For example, data presented here indicate that even low levels of contamination can influence equilibrium population size, with no detectable effect on growth. Yet such effects could never be detected because the number of pink salmon returning to Sashin Creek varies over 4 orders of magnitude. This indicates that managers should regard populations known to be in decline with a high degree of concern. Particular concern should be expressed for those populations experiencing contaminant exposure during sensitive life stages or susceptible to a high degree of densityindependent mortality.
Other reports describing the extreme sensitivity of developing fish eggs to low levels of PAHs indicate these data are applicable to a wide variety of species and life histories. The same effects during incubation reported for pink salmon have been shown to occur at similar exposure levels in larvae of Pacific herring (Clupea pallasi), fathead minnows, rainbow trout (Oncorhynchus mykiss), and mummichogs (Fundulus heteroclitus) (Carls et al. 1999; White et al. 1999; Coulliard 2002; Hawkins et al. 2002; Colavecchia et al. 2004) . Insofar as the delayed effects reported for pink salmon represent sequelae resulting from sublethal effects incurred during sensitive developmental stages, it is reasonable to conclude these other species would also experience similar delayed effects. Consequently, the general conclusion that embryonic PAH exposure significantly can reduce the productivity and stability of exposed populations can be extended to these species.
It might be argued that the types of species investigated thus far would be unlikely to experience extinction because they could adapt rapidly to chronic PAH exposure. Adaptation to the effects of chronic pollution has been demonstrated for mummichogs living downstream from the Atlantic Wood creosote plant (Ownby et al. 2002) . This plant operated between 1926 and 1990, indicating that 35 generations was sufficient time for mummichogs to increase their resistance to acute doses of PAHs. However, this adaptive tolerance to PAH exposure may result in other costs to fitness (Meyer and Di Giulio 2003) . For example, mummichogs living downstream from a kraft pulp mill had altered reproductive behavior relative to those in an uncontaminated estuary (Leblanc et al. 1997) . Furthermore, brown bullheads chronically exposed to PAHs in the Black and Schuylkill Rivers (Baumann et al. 1990 , Steyermark et al. 1999 ) demonstrated truncated age distributions relative to those in uncontaminated locations. Consequently, adaptation leading to the ability to withstand acute exposures to a local contaminant does not necessarily guarantee high levels of productivity in the face of chronic exposure.
Furthermore, adaptation would have to respond to other injuries or mechanisms that are not accounted for in this simulation. The studies referenced in Table 1 only account for embryotoxic effects and teratogenic sequelae that manifest reduced marine survival. These studies employed exposures to PAHs that are not associated with narcotic effects (Barron et al. 2004) . Nor do the studies referenced in Table 1 include PAH-induced impairments to reproduction, which could contribute significantly to an increase in extinction risk (Levin 1996) . Reported impairments to reproduction include reduced offspring survival rates , impaired reproductive behavior (Le Blanc et al. 1997) , and regulation (Van den Heuvel and Ellis 2002). Additional extinction risk may accrue from increased genetic load resulting from increased frequency of mutation (Roy et al. 1999) or genetic damage to reproductive ability (White et al. 1999 ).
The population effects following embryonic exposure described here derive from environmentally persistent PAHs comprising primarily 2 and 3 rings (Heintz et al. 1999) . These same compounds are among those found in urban runoff (Fulton et al. 1993; Zeng and Vista 1997; Menzie et al. 2002) . In North America, consumption of oil products accounts directly for the release of 84,400 metric tons of hydrocarbons each year (National Research Council 2002) , most of which ends up in estuarine wetlands (Kennish 2002) . Leachates from urban areas have been shown to have PAH loads consistent with those found effective in Table 1 (Menzie et al. 2002) . Habitat fragmentation has been proposed as an important cause for lost diversity and productivity of aquatic species (Roberts and Hawkins 1999) . Apparently, highway runoff can be added to the list of contributing causes to reduced productivity in urbanized estuaries.
Despite evidence of population declines in contaminated aquatic ecosystems, direct linkages between declines and chemical exposure rarely have been identified. The primary reason for this is that the relatively large interannual variation in the recruitment of most aquatic species masks subtle reductions in equilibrium population size. For example, between 1935 and 1979 the Sashin Creek pink salmon run ranged between 600 and 114,400 adults. Thus, it is unlikely that subtle effects on population size would have been detected during that period. Moreover, there are few, if any, comparable data sets. High recruitment variability means that managers typically detect significant declines long after initiation of the trend. By the time these decreases are detected, managers likely are faced with untangling a multiplicity of causative agents. Ascribing declines to contaminants is further impeded because contaminant effects are indirect unless populations face acute exposures. The reductions in marine survival detected for pink salmon exposed during incubation described in Table 1 likely relate to impediments to their individual growth rates (Heintz et al. 2000) . Slowgrowing salmon face increased levels of predation and potential starvation in winter (Beamish et al. 2004 ). Thus, adult salmon that had experienced exposure returned in lower numbers but with the same average size as unexposed adults. Without overt indications of chemical exposure, managers are unlikely to identify contamination as a causative agent to eroding production of urbanized estuaries despite the consequences identified here.
